Abstract
Introduction
In recent years the fate of uranium in natural environments has received great attention due to the high potential of uranium migration beyond the designated waste disposal sites. Uranium contamination poses great health risks to an affected community both as a heavy metal and with the exposure to radiation as it decays. Uranium transport is mainly associated with its higher oxidation state of U(VI), considered as the uranium species with the highest solubility. In recent years, the approach of uranium immobilization as a possible in situ remediation pathway has driven numerous studies to investigate abiotic and microbial processes that induce reduction of U(VI) to U(IV), leading to uranium precipitation and thus removal from aquatic systems. Subsurface environments specifically, are characterized by ongoing changes in redox conditions that may influence not only the mobility of uranium species but also induce changes in iron mineralogy with which uranium is closely associated. The interrelationship between redox transformations of uranium and iron are very relevant in many natural environments and a subject of major importance for the remediation of sites contaminated with radionuclides and the risk assessment of nuclear waste repositories.
Among soil minerals, iron oxides/oxyhydroxides are considered as primary sorbents for uranium due to their high reactive surface areas. Uranium sorption has been studied on goethite (e.g. Duff, 1996; Gabriel et al., 1998; Hsi and Langmuir, 1985; Giammar and Herring, 2001 ), on hematite (e.g. Bargar et al., 2000; Ho and Miller, 1986; Liger et al., 1999) , on ferrihydrite (e.g. Waite et al., 1994; Morrison et al., 1995) , on magnetite (Sagert et al., 1989) and green rust (O'Loughlin et al., 2003) . In the above studies, inner-sphere complexation of uranium species with the iron mineral surfaces has been widely supported, indicating the strong sorption behavior among uranium and iron oxides. However, iron oxides can significantly influence uranium transport not only by providing reactive surfaces for uranium adsorption but they can also catalyze the reduction of U(VI) by Fe (II) (Liger et al., 1999; Lloyd et al., 2002) . Mixed valence iron oxides have been proposed to be able to reduce U(VI), which has been attributed to the presence of sorbed Fe 2+ (e.g. Charlet et al., 1998; Fredrickson et al., 2000; O'Loughlin et al., 2003) .
Open questions still remain regarding the fate of uranium once iron oxides undergo mineral transformation with changes in the redox regime. It is known that in oxic environments uranium adsorption typically competes with carbonate complexation in solution, while under anoxic conditions reduction of U(VI) to U(IV) occurs, forming insoluble minerals (De Pablo et al., 1999; Ragnarsdottir and Charlet, 2000) . Consequently, once uranium occurs in the environment as adsorbed onto iron oxides, changes in the redox regime, from oxic to anoxic, may not necessarily lead to the mobilization of uranium. However, kinetic effects might lead to the release of solid bound uranium which is not predicted by equilibrium thermodynamics. One of the most critical aftermaths of iron oxide dissolution would be the release of important -previously sorbed-pollutants such as uranium.
Overall results from previous studies lead to the hypothesis that U(VI) adsorbed to iron oxides might be mobilized when the reductive dissolution of Fe(III) is faster than the reduction of U(VI) and Fe outcompetes U as an oxidant for S(II). Here, we experimentally investigate the possibility of U mobilization upon reductive dissolution of iron oxides with adsorbed U(VI) by S(II), and evaluate whether U(VI) can be reduced. Efforts begin with an ideal abiotic system, imposed to anoxic conditions, where sulfide was incrementally added to a lepidocrocite suspension with preadsorbed U(VI). Lepidocrocite (γ-FeOOH) was chosen for these experiments as a highly reactive iron oxide mineral which is also found in environments of altering redox conditions (Canfield, 1989) . Our main purpose is to characterize the redox state and binding environment of uranium that is associated with lepidocrocite during the reaction with sulfide. Additionally the level of competition between uranium and iron reduction by sulfide will be addressed and as well as further role it could play in uranium transport within natural environments.
Background Information
During diagenesis it has been shown that bacteria play a key role in the dissolution of iron oxides by using Fe(III) as an electron acceptor and resulting in the production of Fe(II) (e.g. Lovely et al.,1991) , which can be expressed by the following reaction:
However, bacteria are also known to rapidly produce H 2 S in organic-rich soil, which also acts as an Fe(III) reductant (Jorgensen, 1977; Canfield, 1989; Krom et al., 2002) . The kinetics of reductive dissolution of iron oxides by S(-II) are well established and show a dependency on the degree of reactivity of the available iron minerals in the soil (Poulton et al., 2004; Poulton 2003; Yao and Millero, 1996; Peiffer et al., 1992; Dos Santos Afonso and Stumm, 1992) . Either by using geochemical mod-els or through experiments, the above mentioned studies have emphasized the significance of pH, dissolved sulfide and Fe(II) concentrations in solution and the controlling factor of mineral surface area on the rates of iron oxide dissolution.
In contrast to iron oxides, very little is known about the kinetics of U reduction by S(-II). As previously mentioned the abiotic reduction of U(VI) has been connected to the presence of Fe(II), however uraninite (UO 2 ) which has a very low solubility (K sp = 10 -60.6
; Langmuir 1978) is mostly known to form either by iron reducing bacteria (Lovley et al., 1991) of by sulfate reducing bacteria (Lovley et al., 1993; Payne at al., 2004) . Nevertheless, data from several field studies from areas such as the Biscay Bay, the Cariaco Trench, the Black Sea and the Framvaren Fjord, where anoxic conditions, and thus, sulfide concentrations were extreme, gave no evidence for U(VI) reduction (Chaillou et al., 2002; Anderson et al., 1989) . The reduction of U(VI) to U(IV) by a strong reductant such as H 2 S should be possible, based on thermodynamics, and can possibly be expressed by the following reaction stoichiometry:
However, most studies that achieved uranium reduction by sulphide did so only by manipulating physical or chemical parameters in laboratory experiments, e.g. by using strong sorbents that would catalyze reduction, by increasing uranium or sulfide concentrations in solution (Kochenov et al., 1977; Mohagheghi et al., 1984) . Thus, evidence indicates that homogeneous reduction of U(VI) by S(-II) is kinetically hindered.
Methods
In a pH stat reactor U(VI) acetate was added to a lepidocrocite suspension. Synthetic lepidocrocite was produced according to the Schwertmann and Cornell (2000) . Measured surface area of produced lepidocrocite was 78 m 2 /g (N 2 -BET analysis). No mineral phases other than lepidocrocite were identified by powder X-ray diffraction (XRD).
After adsorption equilibrium variable amounts of S(-II) (in the form of sodium sulfide solution) were added and the partitioning of uranium, changes in iron redox state, and iron oxide mineralogy were monitored. The pH during the reduction experiments was 8, the ionic strength was adjusted to 0.1 M by adding NaCl solution. Concentrations of dissolved elements were obtained with the use of ICP-MS or standard photometric methods after filtrating aliquots of the suspension. Depending on the macroscopic observations, fractions of the suspension were collected. The solids were recovered by centrifugation and freeze dried for X-ray adsorption spectroscopy (XAS).
For XAS solid samples were prepared as pellets and air tight sealed to avoid oxidation of reduced iron or uranium by oxygen during transportation. Collection of spectra took place at the FAME BM30M beamline, at the ESRF in Grenoble, France. XAFS spectra were recorded in the fluorescence mode at the U L III -edge (~17.17 keV) in a cryostat at about 30K. For energy calibration a Y foil (k-edge) was used. Titanium reduced uranium was used as a U(IV) standard and a known U(VI)-iron oxide sample for U(VI). Both X-ray absorption near-edge structure (XANES) and extended X-ray absorption fine structure (EXAFS) spectroscopy were utilized to gain insight on the oxidation state and local environment of uranium bound to the mineral surface throughout the reduction process.
All experiments and XAFS sample collection and preparation took place in an O 2 -free glovebox which instead contained a gas mixture of N 2 (95%) and H 2 (5%). The glovebox was additionally equipped with a Pd catalyst and an O 2 monitor, in order to maintain and control oxygen levels below 1 ppm. All glassware used (DURAN® ISO laboratory bottles) were previously checked for possi-ble uranium uptake; in repeated blank absorption experiments no uranium was lost from solution. All chemicals used were of reagent grade and no further purification was performed.
In order to illustrate the role of kinetics on the mobility of uranium during reductive dissolution of iron oxides geochemical modelling was used. The rate of lepidocrocite dissolution was estimated based on the rate law and kinetic constants reported in past studies (Peiffer et al., 1991) . Due to shrinking of the particles and consumption of S(II) the rate of lepidocrocite dissolution decreases with progressing reaction. For simplicity it was assumed that all produced Fe(II) precipitates as FeS. The process of complete reduction of lepidocrocite after addition of sulfide is shown in Fig. 1 . Additionally, possible pathways for the fate of U(VI) sorbed on the iron oxide mineral surface were modeled (Figure 2 ). The dissolution of lepidocrocite results in the release of U(VI) back into solution. U(VI) adsorption onto lepidocrocite was calculated with a simple Kd model. The Kd value was derived from adsorption isotherms which were performed prior to the dissolution experiments (data not shown). Adsorption onto FeS was not taken into account. For illustrating the possibly only temporal nature of U mobilization in such system re-immobilization by reduction of U(VI) was included in the calculations. In this case, relative rapid homogenous reduction of dissolved U(VI) by S(II) was assumed. 
Results and Discussion
Mineral transformation from lepidocrocite to iron sulfide occurred by the very first sulfide injection in the lepidocrocite-uranium system, an effect that was visible by the color change of the suspension from orange to black. All added S(II) was consumed within the first two hours after the initial sulfide injection, as shown in Figure 3 . During this period of time, electron transfer is assumed to be taking place from the Fe(III) solid phase (lepidocrocite) to the sulfides that are interacting with the substrate surface. In all experiments, a second sulfide injection took place two hours after the first one, maintaining the same total concentrations of sulfide added. Consumption of S(II) occurred after the second injection as well, with the exception of experiments for which S(II) remained in excess in solution at the concentration level of ~ 3 mM (shown in Fig.3 ).
The progressive formation of amorphous FeS is assumed to dominate after the second sulfide addition, which would follow the reductive dissolution pathway described in detail by Afonso & Stumm, (1992) . Due to the fact that in these series of experiments sulfides have been added incrementally, the effects of this reduction for the system lepidocrocite-U can be observed as they follow every new sulfide addition. Reaction of lepidocrocite and S(-II) was a relatively fast process and completed within less than one hour, which agrees with the findings of Peiffer et al.(1991) and Poulton (2004) . The consumption of S(-II) was predominantly coupled to the production of Fe(II). A notable increase in Fe(II) concentrations in both solution and solid were observed (data not shown). In all experiments Fe(II) produced is in analogy to the amount of sulfides added. In experiments where S(-II) was added in excess (e.g. Fig.3 ), almost all Fe(II) is produced by the very first sulfide addition.
Prior to sulfide addition to the system, the concentration of dissolved uranium (U(aq)) was below detection limits indicating the strong adsorption onto lepidocrocite (Fig. 3) . Instant mobilization of U(VI) was observed with every sulfide addition. Preliminary results suggested that the instantaneous mobilization and elevated concentrations of uranium in solution after sulfide addition might be due to 1) a loss of sorption sites during iron mineral transformation 2) competition between uranium and Fe(II) for reactive surface sites, 3) possible formation of uranium complexes with sulfides in solution (e.g. polysulfides).
After the instantaneous increase in U(aq) concentration, induced by S (-II) addition, U(VI) concentration in solution decreased, however, approached a level significantly higher than before S(-II) addition. The decrease in U(aq) in the first hour after S(-II) addition was correlated with the S(-II) concentration. This suggests that the instantaneous mobilization of uranium might be due to formation of complexes with sulfide in solution. The elevated uranium concentrations remaining in solution after all S(-II) has been consumed after the first injection can be explained by a loss of sorption sites due to iron reduction or the competition with Fe(II) for reactive surface sites; U(VI) shows a lower affinity for Fe-SH than for Fe-OH groups. The release of uranium observed in all experiments reaches ~5% of the total uranium added to the suspensions. Aqueous speciation of released U is believed to be UO 2
The decrease in U(aq) concentration after one hour of reaction time with sulfide was not accompanied with a decrease in S(-II) concentration. This re-immobilization might be caused by reduction of uranium. XANES spectra, shown in Figure 4 , showed successive transformation of U(VI) into U(IV) with time. Reduction of U(VI) is in the time scale of days. We have data that supports the hypothesis that the uranium reductant is most likely not S(-II) aq but FeS. Hence, formation of FeS might be required for sustainable immobilization of U. Evidence for sorption and reduction of U(VI) by the crystalline sulfides galena and pyrite has been given by Wersin et al. (1994) .
Linear combination of spectra indicated an approximate 15% presence of U(IV) in the solid sample reacted for two hours with S(-II) and an increase of 45% for the solid of 48 hours of reaction. A similar trend of progressive U(VI) reduction was observed for sample series of all other experiments. Uranium reduction is reflected in EXAFS fitting results by the decrease of axial oxygens. Coordination numbers were used to derive and compare percentages of U(VI) still remaining within the solid fraction of the collected time-series experiments. Figure 5 illustrates two of the experiments performed, indicated as "C" and "D". To these suspensions 8 mM and 5 mM of S(-II) were added respectfully. Results show a dramatic decrease of U(VI) in suspension with the higher amount of sulfide. The formation of uraninite made its appearance much later within the duration of the experiments (data not shown). EXAFS spectra indicate U-U interactions, which are more prominent in suspensions reacted with higher amounts of S(-II) and with a greater presence of FeS. This gives us some indication that FeS is the dominant reductant for U(VI) in these systems and interactions between U(VI) with FeS might be of significant importance for controlling the mobility in environments with ongoing microbial sulfate reduction.
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